Current spatially explicit approaches to map and assess ecosystem services are often grounded on unreliable proxy data based on land use/cover to derive ecosystem service indicators. These approaches fail to make a distinction between the actual service provision and the underlying ecosystem capacity to provide the service. We present an integrative conceptual framework to estimate the provision of soil erosion prevention by combining the structural impact of soil erosion and the social-ecological processes that allow for its mitigation. The framework was tested and illustrated in the Portel municipality in Southern Portugal, a Mediterranean silvo-pastoral system that is prone to desertification and soil degradation. The results show a clear difference in the spatial and temporal distribution of the capacity for ecosystem service provision and the actual ecosystem service provision. It also shows that although the average actual ecosystem service provision in the region is sufficient to mitigate the existing structural impact, vulnerable areas can be identified where significant soil losses are not mitigated at present. This becomes more significant when comparing different land management intensities. Considering these results, we argue that the general assumption that there is an almost direct relation between the capacity for ecosystem service provision of a given area and the actual ecosystem service provision is wrong. We also discuss how the framework presented here could be used to support land management and policy, and how it can be adapted for other regulating services.
INTRODUCTION
The Millennium Assessment (MA 2005) provided and tested an ecosystem services (ES) framework for analyzing social-ecological systems, which influenced policymakers and the scientific community (Maes and others 2012) . It distinguished provisioning, regulating, cultural and supporting services, and demonstrated that they are subject to natural and human-induced pressures at various spatial and temporal scales. Although there are limitations (for example, Wallace 2007; Kumar 2010) the ES concept provides an important framework for understanding and managing zcomplex socio-ecological processes at both local and regional scales (Williams and Kapustka 2000; Holling 2001; Daily and Matson 2008; Daily and others 2009; Hauck and others 2013) .
Following the inclusion of ES in the CBD Aichi targets (CBD 2012; Pereira and others 2013) , the concept is now increasingly used in policy and decision-making, for example, in the EU biodiversity strategy (COM 2011) . For the appropriate design of policy tools and to target their implementation and allow for their monitoring, there is an increasing need for spatially explicit information on the state and trends of ecosystems and their services (Maes and others 2012) . Spatial and temporal representation of ES allows the identification of areas with particular importance in terms of the services provided, as well as vulnerable areas, and the possibility to explore consequences of current and future environmental and socioeconomic change Rounsevell and others 2012) . Therefore, research efforts are now underway to quantify, value, and map ecosystem services at all scales, ranging from local (for example, Nedkov and Burkhard 2011; Plieninger and others 2013) , regional (for example, Bagstad and others 2012; Bangash and others 2013) , national (for example, van Wijnen and others 2012), and international scales (for example, Metzger and others 2008; Naidoo and others 2008) .
Current spatially explicit approaches are mostly based on land use/cover assessments (Vihervaara and others 2010; Burkhard and others 2012) , assigning a static value, often based on expert opinion, to the capacity of a given land cover class to provide an ecosystem service (for example, Burkhard and others 2009) . Although insightful, especially for national or international assessments, these maps form a major simplification of inherently multi-dimensional processes. They also provide limited support for developing regional land management strategies and policy (Eigenbrod and others 2010; Seppelt and others 2011) , which require information on both the actual ES provision and the capacity for ES provision.
These two concepts, actual ES provision and the capacity for ES provision, express different ecosystem components within a single land cover class, which often do not overlap in space and time. The later relates to the capacity of a given land cover type to provide soil protection (for example, associated with the density of the canopy), whereas the first relates to the actual quantity of soil not eroded in a given environmental and biophysical context. For example, in the Mediterranean, maximum vegetation cover within a land cover class varies through the year, and consequently the actual ES provision of soil erosion prevention will show temporal differences. However, current mapping approaches (for example, Burkhard and others 2012; Haines-Young and others 2012; Vicente and others 2013) , focusing on the capacity for ES provision, only provide a static figure and do not consider the variation of environmental or biophysical traits. Although the latter is sufficient for broad overviews, the effectiveness of land management (for example, to mitigate soil erosion) and policy incentives can only be measured if we can assess whether adequate vegetation cover is in place during critical periods, requiring a spatially and temporally explicit assessment of the actual ES provision.
This paper presents a modeling framework to assess actual ES provision, illustrated for soil erosion prevention (SEP), a regulating service (Fu and others 2011 ) that varies over time and space, especially in regions with high risk of desertification and soil degradation ( Van-Camp and others 2004) . Soil erosion has both local (for example, Vanwalleghem and others 2010) and regional impacts (for example, Martín-Ferná ndez and Martínez-Nú ñ ez 2011), which can often be mitigated by adopting suitable land management practices (Presbitero and others 1995) . Although there are several papers describing the spatial distribution of soil erosion (for example, Bou Kheir and others 2006), there are important knowledge gaps regarding the spatial and temporal extent and distribution of SEP.
Previous studies mapping SEP used static approaches to determine the capacity for ES provision (for example, Maes and others 2011; van Wijnen and others 2012) , ignoring interactions between the structural ecosystem components such as topography, soil type and rainfall, and the socioecological processes affecting vegetation cover (Figure 1) . Drivers affecting the socio-ecological system can be multiple, including changes in commodity prices and consumer demand, changes in policy, and changes in land managers' preferences and priorities (Pinto-Correia and Vos 2004; Rounsevell and others 2012) . Combined, they influence land management decisions at the farm level, including livestock breeds, stocking density of livestock, grazing pressure, and shrub control. The socio-ecological drivers therefore ultimately determine the overall landscape (Swaffield and Primdahl 2010; Benoît and others 2012) , within which farmers manage their land. For those reasons we argue that to understand, measure, and map actual ES provision, both the structural and the socioecological components of the socio-ecological system need to be considered.
Ecosystem Services Modelling and Mapping
The following section presents a conceptual framework for assessing actual ES provision for SEP, incorporating the structural and socio-ecological components. This framework is subsequently illustrated for a silvo-pastoral case study in Portugal. Finally the ''Results'' section demonstrates how the presented approach can:
1. Assess the impact of land management practices on actual ES provision; 2. Identify spatial and temporal trends in actual ES provision; 3. Identify vulnerability hot spots; and 4. Support the development of sustainable land use policy.
CONCEPTUAL ECOSYSTEM SERVICE FRAMEWORK FOR ASSESSING SOIL EROSION PREVENTION
To begin assessing the contribution of SEP we need to identify the structural impact (Ç ) of soil erosion, that is, the erosion that would occur when vegetation is absent and therefore no ES is provided ( Figure 2A ). It determines the potential soil erosion in a given place and time and is related to rainfall erosivity (that is, the erosive potential of rainfall), soil erodibility (as a characteristic of the soil type) and local topography (Panagos and others 2011b) . Although external drivers can have an effect on these variables (for example, climate change), they are less prone to be changed directly by human action. The actual ES provision (E s ) reduces the total amount of structural impact (Ç ), and we define the remaining impact as the ES mitigated impact (b e ). We can then define the capacity for ES provision (e s ) as a key component to determine the fraction of the structural impact that is mitigated ( Figure 2B ). This capacity for ES provision (e s ) is influenced by both internal and external socio-ecological drivers. Examples of internal drivers include management options, forest fires, and urban sprawl, while agricultural policy measures, spatial planning, and climate change are examples of external drivers affecting SEP.
The four concepts, described in Table 1 , can be used as the basis for assessing the impacts of landuse practices on ES provision, and for the evaluation of land management and policy measures aimed at increasing SEP. The challenge is to clearly Figure 1 . Conceptual framework of ecosystem service provision, as dependent on both the biophysical structure and land management, driven by a combination of multiple structural and social-ecological components.
Figure 2. Conceptual framework where: A presents the structural impact (!), that is, the total soil erosion without ES provision (here vegetation cover); and B distinguishes the actual ES provision (E s ), as a fraction of the structural impact and determined by the capacity for ES provision, and the remaining ES mitigated impact (b e ).
identify and define the relevant processes within the social-ecological system (for example, the SEP provided by vegetation cover), which must then be mathematically formulated.
Here, we provide a simple mathematical outline, which could be elaborated further depending on system knowledge and data availability. It is based on the premise that the actual ES provision is determined by the difference between the structural impact being evaluated and the ES mitigated impact:
where E s corresponds to the actual ES provision, Ç to the structural impact from soil erosion, and b e to the ES mitigated impact. This provides a simple conceptual background to the formulation of a more complex mathematical model. In the case of soil erosion, the structural impact can be measured as a function of a set of key structural climate and physiographic components, given by:
where Ç corresponds to the structural impact from soil erosion, and f(n) to a function of the previously defined soil erosion variables considered as fundamental to determine a structural soil erosion. Although structural soil erosion considers the main climate and physiographic components of soil erosion, to determine the ES mitigated impact it is necessary to study the mitigation capacity of the ES, that is, the ecosystem capacity to provide a specific service (here SEP). Mathematically, the ES mitigated impact is defined as:
where b e corresponds to the ES mitigated impact, Ç to the structural impact from soil erosion, and a to the inverse gradient of the capacity for ES provision (e s ) measured between 0 and 1 and obtained as an estimation of the ecosystem functions and processes related to the ES provision, given that a = 1 -e s and:
This mathematical quantification of actual ES provision can be related to specific land management practices by assessing ES provision in space and time. By describing the spatial and temporal distribution of ES provision it is possible to: (i) compare two different land management strategies and assess their effectiveness in improving the ecosystem service provisioning; (ii) evaluate the same management strategy with different impact intensities to identify acceptable impact thresholds; and (iii) assess the temporal effect of land management strategies over specific ecosystem services or functions.
The analysis of land management impacts can then be implemented within a specific spatial or temporal context given the following relation:
where LM A ÀLM B ð Þ corresponds to the variation in land management practices between evaluation sites A and B, E sA ÀE sB ð Þ and t E sA ÀE sA ð Þ to the variation of the actual ES provision resulting from each of the land management practices, and t LM A ÀLM A ð Þ to the temporal variation between land management practices in site A. The first expression considers time invariant conditions as it proposes the evaluation of different sites with potentially variable environmental and management conditions, whereas the second expression considers space invariant conditions. This means that the latter considers the evaluation of the E s trends of a single region. These two expressions combined make it possible to identify the trajectories of E s in different (Surová and others 2013) , the montado system has been threatened by a constant land-use intensification (Pereira and Fonseca 2003; Almeida and others 2013) . The total area of montado is under decay, and mostly this is due to a step by step degradation of the soil, pastures, and tree stands (Pinto-Correia and Godinho 2013).
Although there are several land management factors that result in land cover changes (for example, livestock breed, frequency of shrub mechanical control, and soil mobilization techniques) cattle density is currently the primary reason (Pinto-Correia and Mascarenhas 1999; Pinto-Correia and others 2011). The number of grazing animals has increased along with a trend of replacing sheep by cattle in response to Common Agricultural Policy livestock payments (stopped in 2012) that were substantially higher for cattle than for sheep (Pinto-Correia and others 2011; PintoCorreia and Godinho 2013). Having over 90% of montado cover coupled with the increased agricultural intensification ( Figure 3E ), which coincided with decreased vegetation cover and high soil erodibility, makes the Potel Municipality (Figure 3 ) an appropriate case-study to test our framework.
MATHEMATICAL OUTLINE
Following the conceptual outline, we will estimate the SEP provided by vegetation cover using an adaptation of the Universal Soil Loss Equation (USLE) (Wischmeier and Smith 1978) . The USLE is a commonly used empirical model for the determination of potential soil losses (Fistikoglu and Harmancioglu 2002; Amore and others 2004) , and for assessing mitigation measures at the farm system level (for example, Erskine and others 2002) and has been used widely in decision support frameworks that address soil erosion, in both Europe and North America (for example, Grimm and others 2002; Gobin and others 2003; Cerdan and others 2010) . Although more sophisticated models were considered, USLE was chosen to avoid adding unnecessary complexity to the present implementation of our framework.
Within USLE, soil erosion is represented by a set of critical factors given by (Panagos and others 2011b):
where A represents the amount of soil loss, R the rainfall runoff factor, LS the topographic factor, K the soil erodibility factor, C the vegetation cover factor, and P the conservation practices factor. An adaptation of this general expression was made to convey the outputs of the conceptual model. In this context, the structural soil erosion (Ç ) was calculated using the expression, ! = R 9 LS 9 K and the gradient of ES mitigated soil erosion will be determined by b e = ! 9 a (where a 9 C and e s = 1 -a). These two expressions will allow determining the actual ES provision (E s ). Although it will not allow to obtain an absolute measure of soil erosion, this mathematical formulation define a spatially explicit gradient of potential soil loss and the correspondent gradient of ES provided by vegetation cover (E s ). To estimate each of the system components the model will be parameterized according to the mathematical equations described in Table 2 .
The rainfall erosivity factor (see Table 2 ) was assessed based on the MedREM model proposed by Diodato and Bellocchi (2010) for Mediterranean conditions and a spatial interpolation of available daily rainfall data for the period between January and December of 2003, obtained from 16 meteorological stations of the Portuguese national water resources information system (INAG 2010) (Figure 3A) . Afterward, an inverse distance weighted (IDW)-interpolation algorithm was applied to obtain a monthly rainfall erosivity surface. Vegetation cover was estimated using the relation between NDVI (calculated from MODIS 250 m pixel images) and the USLE C Factor proposed by others (1999, 2000) . A monthly average of the NDVI (for example, Purevdorj and others 1998; Kouli and others 2008) was calculated from collection 5 MODIS images (250 m pixel) (Fensholt and Proud 2012; Fritsch and others 2012) . Both the topographic factor and the soil erodibility factor were calculated using previously existing datasets from the Portuguese national geographic information system. All outputs were provided at a pixel resolution of 250 m that we consider sufficient for illustration purposes within these extensive silvo-pastoral systems.
The parameterization of the model was made according to data availability and recent applications for similar environmental conditions. In this context, a broader implementation of the same parameterization should be subject to careful consideration.
LAND MANAGEMENT
Appropriate land management is one of the most important factors in preventing soil erosion (Burger and Kelting 1999; Herrick 2000; Carter 2002 ). (Cardoso 1965) ]; C meteorological stations used in the modeling process (obtained from the Portuguese national water resources information system); D selected civil parishes used in the text to assess the influence of land management practices in ecosystem service provisioning; E variation in cattle breed intensity (INE 2011) for the Portel municipality; and F variation in cattle breed intensity (INE 2011) for the three selected civil parishes (''Portel'', ''Vera Cruz,'' and ''Sã o Bartolomeu''). Almeida and others (2013) have showed that in montado areas, the grazing pressure on vegetation increases as the summer progresses, reducing, according to grazing intensity, the capacity for SEP and therefore increasing the difficulty of re-establishing significant levels of soil protection. Assessing the impacts of land management practices on SEP can help define and evaluate sustainable land management strategies.
To illustrate the potential of the proposed framework, a comparison was made between three civil parishes in the Portel municipality that have different livestock densities ( Figure 3F ). Management thresholds could then be identified by assessing the spatial and temporal similarities in the amount of actual ES provision between the three Civil Parishes.
RESULTS

Ecosystem Service Assessment
Monthly estimates of actual ES provision were calculated for the entire study area between January and December of 2003. The results ( Figure 4A ) show a marked difference between the temporal variation of the capacity for ES provision and the actual ES provision ( Figure 4B ). Although the capacity for ES provision is influenced by the seasonal variations in vegetation growth, and is therefore lower in the dry Mediterranean summer months, the actual ES provision corresponds to the interaction between vegetation and the structural impact ( Figure 4A) .
The results show the significant influence of vegetation in the actual ES provision, causing an important reduction of the existing structural impact to more acceptable impact levels (that is, ES mitigated impact) ( Figure 4A ). The highest actual ES provision (that is, October) does not correspond to the period of highest capacity for ES provision (January to April). In sensitive Mediterranean agricultural and silvo-pastoral systems, which are highly water dependent in the summer and have important decays in soil cover through the season ( Figure 4B ), this mismatch is particularly important as it can drastically increase the amount of eroded soil in a given area. Also, the projected climate change will result in a decrease of the total amount of precipitation but with an increase of heavy rain periods in late summer and in the beginning of autumn. This will increase water dependency and soil cover decay, decreasing the capacity for ES provision and result in higher levels of impact related to soil erosion. For these types of social-ecological systems, our results clearly reject the assumption that there is a straightforward relation between the capacity for ES provision of a given area, often obtained from landcover maps (compare Burkhard and others 2012) , and the actual ES provision. In fact, they show that there is a significant mix between areas with high capacity for ES provision with rather low actual ES provision ( Figure 4C ). This is especially relevant when we consider the spatial distribution of both system components ( Figure 5A , B) and their temporal variation ( Figure 4B ). In this case, it is clear that although the capacity for ES provision shows seasonal variation, the actual ES provision only occurs when the climatic and biophysical conditions are favorable for the occurrence of a structural impact. This implies that with no rainfall (like in the period between June and July) there is no ES Figure 4 . Illustration for the Portel municipality of (with exception of Figure 4C all values represent monthly values for the entire study area): A temporal variation of the structural impact and the ES mitigated impact (average values for the municipality); B temporal variation of the actual ES provision and the capacity for ES provision (average values for the municipality); and C relation between the average actual ES provision and the average capacity for ES provision (each point represents a pixel value); and for the three selected civil parishes of: D temporal variation of the modeled structural impact (average values for each civil parish); E temporal variation of the ES mitigated impact (average values for each civil parish); and F comparison between the average actual ES provision and the average capacity for ES provision.
provision, although there is a latent capacity for ES provision that allows for prevention in potential peak situations.
The range and distribution of accumulated ES mitigated impact is summarized in Figure 5C . It shows that although the actual ES provision is on average sufficient to mitigate the existing structural impact ( Figure 4A, B) , the spatial distribution of the ES mitigated impact is very heterogeneous, varying from areas with very high ES mitigated impact [>10 tons of soil ha -1 (monthly average)] to areas where the remaining fraction of eroded soil is comparable to the soil formation rates [<1 ton of soil ha -1 (monthly average)]. This makes it possible to identify areas that are vulnerable to the provision of SEP and to target corrective measures, for example, reducing cattle density, implement buffer areas, among others.
Land Management Effects
The three selected civil parishes display a range of farming intensity related to cattle breeding intensity ( Figure 3F ) that are translated in different capacity for ES provision and actual ES provision temporal profiles ( Figure 4F ). One important finding is that these profiles manifest an inverse gradient in relation to the cattle breeding intensity, that is, high intensity farming areas like ''Sã o Bartolomeu'' have a lower ES provision due to the grazing pressure on the vegetation, whereas low intensity areas like ''Vera Cruz'' have a higher ES provision. This illustrates the possibility to quantify and map the effects of different farming intensities in the provision of SEP.
Between the three sites it is not only important to observe and calculate the differences between the ES provision, but also the effects of this service in the resulting ES mitigated impact ( Figure 4E ). By observing the temporal patterns of both the structural and the ES mitigated impact ( Figure 4D , E respectively), it is possible to identify that although the structural impact is smaller in the ''Sã o Bartolomeu'' site the ES mitigated impact is the highest during most of the year (that is, January-May, November, and December), and even in the month of highest impact (October) it presents a peak close to the one obtained in ''Portel,'' which has a higher structural impact. This shows the relevance of the intensity and distribution of the capacity for ES provision in the provision of ES and how it determines the ES mitigated impact. In this context, the results show a clear relation between land management practices and the effects of these practices on the vegetation cover and consequently in the provision of SEP.
DISCUSSION AND CONCLUSIONS
With this paper, we present a framework to evaluate the provision of SEP based on the interaction between the structural impact from soil erosion and the capacity for ES provision. Its implementation in Portel illustrated a significant difference between the capacity for ES provision and the actual ES provision, supporting the suggestion that generalized or over simplified ES provision models can produce incorrect estimates and thus misinform decisionmaking by identifying areas with high capacity for ES provision as areas with high actual ES provision.
The framework helped to identify vulnerable areas where concrete measures can and should be implemented by considering the spatial and temporal variability of both the actual ES provision an the ES mitigated impact. In the Portel municipality, although the ES mitigated impact was generally low, the results show that there are vulnerable areas where the provision of the service is not sufficient to successfully mitigate the structural impact. In this sense, at the regional level, policy and regulation strategies can be defined to target key aspects of the system that have in consideration its dynamics and main social-ecological potentials, allowing to change the attainable ES provision of a given area and/or management type.
Likewise, by observing the variations in ecosystem structure as a response to different land management practices it is possible to define management thresholds by determining acceptable levels of the ES mitigated impact (for example, Verheijen and others 2009) and compare them with different land management intensities. In this case, considering the normal soil formation rates (Morgan 2005; Verheijen and others 2013), only the ''Vera Cruz'' site presents an acceptable management intensity due to the identified ES provision and the high ES mitigated impact registered in the other two sites in October.
Although the results were appropriate for the selected area, the use of MODIS images (Fritsch and others 2012) to improve the temporal frequency of the assessment has important limitations (that is, in terms of spatial resolution) in small scale landscapes where management and habitat conditions may vary substantially within small areas (Ortega and others 2013) . Another important limitation is related to the availability of datasets with high spatial and temporal coverage to infer each system component, though work has been done to improve the quality and comparability of available datasets (for example, Haylock and others 2008; Panagos and others 2011a; Fritsch and others 2012) .
Although this framework was applied for SEP, the same principles apply to other regulating services (for example, flood control, carbon fixation, water regulation, and other natural hazards regulation). Correspondingly, this can be done by determining the relevant system components (for example, runoff, roughness, and topography for flood control) and estimating a spatial and temporal variation of each component. Therefore studies addressing the identification and quantification of other regulating services should not be based only on the capacity of specific areas or land cover classes to provide a given service. Also, it is important that following some recent examples (for example, Wallace 2007) , in the future we are able to distinguish and estimate the contribution of each ES and reduce the double counting of ES.
In conclusion, this paper shows the limitations for decision making of using the capacity for ES provision as a proxy for the actual ES provision and highlighted the potential misleading conclusions that can result from this analysis. We present a geographic model that can cope with these limitations and produce a spatially and temporally distributed representation of actual ES provision. This model reduces the bias of estimating ES provision by only using the capacity for ES provision, and increases the accuracy of ES estimates. At the regional scale (for example, National or European), the spatial identification of actual ES provision and its temporal variation can improve policy design and allow for definition of land management thresholds for specific areas.
